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A B S T R A C T   

Dichloromethane (DCM) is a toxic industrial solvent frequently detected in multi-contaminated aquifers. It can 
be degraded biotically or abiotically, and under oxic or anoxic conditions. The extent and pathways of DCM 
degradation in aquifers may thus depend on water table fluctuations and microbial responses to hydrochemical 
variations. Here, we examined the effect of water table fluctuations on DCM biodegradation in two laboratory 
aquifers fed with O2-depleted DCM-spiked groundwater from a well-characterized former industrial site. 
Hydrochemistry, stable isotopes of DCM (δ13C and δ37Cl), and bacterial community composition were examined 
to determine DCM mass removal and degradation pathways under steady-state (static water table) and transient 
(fluctuating water table) conditions. DCM mass removal was more pronounced under transient (95%) than under 
steady-state conditions (42%). C and Cl isotopic fractionation values were larger under steady-state (εC

bulk =

− 23.6 ± 3.2‰, and εCl
bulk = − 8.7 ± 1.6‰) than under transient conditions (εC

bulk = − 11.8 ± 2.0‰, and εCl
bulk =

− 3.1 ± 0.6‰). Dual C-Cl isotope analysis suggested the prevalence of distinct anaerobic DCM degradation 
pathways, with ΛC/Cl values of 1.92 ± 0.30 and 3.58 ± 0.42 under steady-state and transient conditions, 
respectively. Water table fluctuations caused changes in redox conditions and oxygen levels, resulting in a higher 
relative abundance of Desulfosporosinus (Peptococcaceae family). Taken together, our results show that water 
table fluctuations enhanced DCM biodegradation, and correlated with bacterial taxa associated with anaerobic 
DCM degradation. Our integrative approach allows to evaluate anaerobic DCM degradation under dynamic 
hydrogeological conditions, and may help improving bioremediation strategies at DCM contaminated sites.   

1. Introduction 

Dichloromethane (DCM, CH2Cl2) is a toxic, persistent and haloge
nated volatile organic compound (VOC) widely used in industrial set
tings (Schlosser et al., 2015). Due to accidental spills and improper 
storage at industrial sites, DCM is commonly detected in contaminated 
aquifers along with other VOCs (EPA, 2020; Hermon et al., 2018; 
Shestakova & Sillanpää, 2013). DCM is included in the list of priority 
pollutants of the U.S. Agency for Toxic Substances and Disease Registry 
(ATSDR, 2019), and of the European Commission (European Commis
sion, 2013). 

Monitored natural attenuation (MNA) has become a promising 
remediation strategy to detoxify contaminated aquifers (Pope et al., 
2004; Smets & Pritchard, 2003). MNA relies on an integrative approach, 

which includes (i) monitoring contaminant concentrations in the field, 
(ii) laboratory assays with microorganisms from the field, and (iii) evi
dence of in situ biodegradation potential using stable isotope analysis 
and/or biomolecular methods (NRC, 1993). Monitoring contaminant 
concentrations is not sufficient to identify contaminant transformation, 
as concentrations alone reflect both non-destructive (e.g., dilution, 
sorption) and destructive dissipation processes (e.g., biodegradation). 
Compound-specific isotope analysis (CSIA) is increasingly used to 
measure the extent of contaminant transformation in situ (Hunkeler 
et al., 2009). CSIA relies on changes in stable isotope ratios (e.g., 
13C/12C) of an organic contaminant undergoing a (bio)degradation re
action. Typically, molecules containing light isotopes (e.g., 12C) are 
degraded preferentially compared to those containing heavy isotopes (e. 
g., 13C). This generally results in a change of stable isotope ratios in the 
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remaining contaminant mass, which may be specific of the trans
formation pathway (Elsner and Imfeld, 2016). The stable isotope frac
tionation can be used for quantitative estimations of contaminant 
transformation in situ by using isotope fractionation values (ε) derived 
from reference laboratory experiments (Fischer et al., 2016). 

Dual-isotope analysis, involving the follow-up of changes in isotope 
ratios of two elements (e.g., 13C/12C and 37Cl/35Cl), is more informative 
and robust than a single isotope element approach to evaluate trans
formation pathways of organic contaminants (Ojeda et al., 2020). When 
stable isotope ratios of two elements are compared in a dual plot, the 
slope (Λ) provides a quantitative parameter of the corresponding 
transformation pathway (Elsner, 2010; Ojeda et al., 2020). For DCM, the 
transformation pathway of methylotrophic bacteria, featuring a 
glutathione-dependent DCM dehalogenase, was the first to be examined 
by dual C-Cl CSIA under oxic conditions (13C/12C and 37Cl/35Cl) (Heraty 
et al., 1999; Torgonskaya et al., 2019). Recently, dual C-Cl CSIA pro
vided evidence of distinct anaerobic DCM pathways for Dehalobacterium 
formicoaceticum, and for mixed cultures containing DCM-degrading or
ganisms such as Candidatus Dichloromethanomonas elyunquensis (Chen 
et al., 2018; Kleindienst et al., 2019), and for a bacterial consortium 
featuring a Dehalobacterium strain (Blázquez-Pallí et al., 2019; True
ba-Santiso et al., 2017). 

So far, DCM transformation pathways have been examined in 
groundwater microcosms under static conditions. However, the inter
play of hydrochemical and hydrogeological dynamics in DCM biodeg
radation in contaminated aquifers has not yet been addressed. Water 
table fluctuations are known to affect (i) mass transfer of VOCs (e.g., 
DCM) from groundwater to the unsaturated zone (Jeannotat and 
Hunkeler, 2013; McCarthy and Johnson, 1993), (ii) redox conditions 
due to redistribution of terminal electron acceptors (e.g., O2) (Haberer 
et al., 2012; Seybold et al., 2002), and (iii) bacterial community 
composition due to changes in nutrients, redox conditions and exposure 
to pollutants (Peralta et al., 2014; Rühle et al., 2015). The effect of water 
table fluctuations on DCM biodegradation is difficult to probe in situ as it 
requires a high spatial and temporal monitoring resolution (Zhang and 
Furman, 2021). In this context, laboratory aquifers under near-natural 
settings may prove useful, as flow fields can be controlled and mass 
fluxes can be established (Schürner et al., 2016). 

The purpose of the present study was to examine the effect of water 
table fluctuations on hydrochemistry, bacterial community composi
tion, and DCM degradation extent and pathways under controlled con
ditions. Two laboratory aquifers, fed with contaminated groundwater 
from a well-characterized former industrial site (Hellal et al., 2021; 
Hermon et al., 2018), were set up to examine the reactive transport of 
DCM under transient (i.e., induced water table fluctuations) and 
steady-state (i.e., static water table) conditions. Concentrations of 
chloroethenes cis-DCE and VC in the contaminated groundwater were 
also monitored. The objectives of the present study were (i) to examine 
DCM dissipation processes in groundwater under steady-state and 
transient conditions, (ii) to infer DCM degradation pathways using dual 
C-Cl CSIA, and (iii) to analyse bacterial community composition asso
ciated with DCM biodegradation by sequencing the 16S rRNA gene. 

2. Materials and methods 

2.1. Chemicals 

DCM, cis-DCE and VC standards were purchased from Sigma-Aldrich 
(St: Louis, MO, USA; analytical grade purity: >99%). A second DCM 
standard was purchased from VWR (Radnor, Pennsylvania, USA; 
analytical grade purity: >99%). Stock solutions of standards were pre
pared in methanol at 1 g L− 1 and diluted in water. Aliquots were stored 
at 4◦C. DCM standards from Sigma-Aldrich and VWR are referenced here 
as DCM#1 and DCM#2, respectively. 

2.2. Groundwater 

Groundwater was collected from the source zone of a well- 
characterized contaminated aquifer (well Pz-28; Hellal et al., 2021; 
Hermon et al., 2018), and used as inflow water in both laboratory 
aquifers. Isotope and biomolecular analyses evidenced in situ anaerobic 
DCM and cis-DCE biodegradation in the source zone of the contaminated 
aquifer, as well as bacterial genera associated with organohalide respi
ration (OHR) such as Geobacter and Dehalococcoides (Hellal et al., 2021; 
Hermon et al., 2018). Field groundwater sampling and hydrochemical 
characteristics are provided as Supporting Information (SI, Sections A 
and F). 

2.3. Experimental setup 

Experiments were conducted in two laboratory aquifers with inner 
dimensions of 160 cm × 80 cm × 7 cm (length × height × width) and 
filled with sterile quartz sand (grain size: 0.4 - 0.6 mm; depth: 70 cm). A 
headspace zone of 10 cm above the sand compartments was covered by a 
top glass mounted with 3 sampling ports equipped with active charcoal 
cartridges and opened to the atmosphere (Fig. 1). A detailed description 
of the experimental setup is provided in SI (Section B). Experiments were 
conducted in a temperature-controlled room at 18 ± 1◦C. Both aquifers 
were continuously fed with O2-depleted contaminated groundwater (O2 
<1 mg L− 1) at a rate of 430 mL d− 1, corresponding to an average water 
velocity of 0.02 m d− 1. Groundwater was supplied from two sterile and 
gas-tight 10 L glass reservoirs connected to each aquifer (Fig. 1). Each 
reservoir was kept under constant N2-flux and consisted of a mixture of 
groundwater and sterilized O2-depleted distilled water at a ratio of 1:3. 
This allowed to avoid clogging of the pipes feeding the aquifers due to 
mineral precipitation. Pure DCM was directly spiked and mixed into the 
reservoirs to reach aqueous concentrations of 0.47 mM L− 1, equivalent 
to typical concentrations at contaminated sites (Hermon et al., 2018; 
Wright et al., 2017). 

Fig. 1. Lab-scale aquifers fed with DCM-spiked groundwater under steady-state 
and transient conditions. (a) Schematic overview of the aquifers (flow path 
from left to right) indicating the saturated zone (SZ), unsaturated zone (UZ), 
headspace, position of sampling ports (red dots), oxygen foils (grey squares) 
and top glass (green) covering the aquifers along with three sampling ports 
opened to the atmosphere. (b) Operations to establish steady-state and transient 
conditions in the laboratory aquifers and sampling. Water table level is indi
cated in dotted lines. The end of the incubation period (total 70 days) is marked 
with a red line. Black arrows show sampling events of water and gas samples. 
Sampling within the incubation period took place 35 days prior to 
the experiment. 
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2.4. Laboratory aquifer operations 

Both aquifers were operated simultaneously. Prior to the experi
ments, an incubation period of 70 days was established by operating 
both aquifers with a continuous flow of DCM-spiked groundwater to 
reach initial steady-state conditions and allow bacterial adaptation. 
Monitoring of DCM concentrations and carbon stable isotope ratios 
during the incubation period (70 days) evidenced DCM biodegradation 
capacity in both aquifers (data not shown). The water table was posi
tioned at a depth of 33 cm and a capillary fringe of approximately 12 cm 
was determined visually. During the experimental phase (day 0 to 88), 
one aquifer remained under steady-state conditions while the second 
aquifer underwent two water table fluctuation events (Fig. 1). Under 
steady-state conditions, a constant horizontal water flow was estab
lished using a peristaltic pump (IPC 8, ISMATEC, Glattbrugg, 
Switzerland). Transient conditions were established by (i) lowering the 
water table by 16 cm for 24 h (day 3), (ii) continuous horizontal flow at a 
low water level for 6 d (up to day 10), and (iii) raising the water table to 
its initial position for 24 h (day 11). A second identical water table 
fluctuation event was performed from day 21 to 32 (Fig. 1). 

2.5. Sampling 

Sampling was carried out in both aquifers before and after each 
water table fluctuation event on days 0 and 13 (first water table fluc
tuation), and at days 20 and 35 (second water table fluctuation). Pore 
water samples were collected for hydrochemical analysis, VOCs con
centration measurements, carbon and chlorine isotope analysis, and 
bacterial diversity and community composition. Pore water samples 
were collected using gas-tight syringes (Hamilton Bonaduz AG, Bona
duz, Switzerland) from inlet and outlet reservoirs, and sampling ports 
located at depths of 15 and 40 cm from the bottom, and at 35, 65, 95 and 
125 cm from the inflow (Fig. 1). For quantification and CSIA, 20 mL 
glass vials (Interchim, Montluçon, France) were filled with 1 mL of pore 
water sample and 1 mL of saturated salt solution (triplicate measure
ments). Vials were immediately crimped with a Teflon septum with a 
magnetic crimp (Interchim, Montluçon, France), and stored upside 
down at 4◦C until further analysis. Gas-phase samples (volume: 2 cm3) 
were collected from the unsaturated zone (z = 65cm) and headspace (z 
= 80 cm), and stored similarly as liquid samples. 

Water samples for DNA analysis were collected from inlet and outlet 
reservoirs (8 mL) and from sampling ports located at depths of 15 and 40 
cm (pooling 2 mL in total per single height). Additionally, pore water 
samples were collected during the incubation period (35 days prior to 
the experiments, see Fig. 1), and prior to the core sampling (day 80) for 
DNA and hydrochemical analysis. At the end of the experiment, both 
aquifers were fully drained and sand samples from four cores (length: 70 
cm, and inner diameter: 5 cm) were collected for DNA analysis into 
sterile polyethylene tubes, and stored at –20 ◦C until further analysis. 
Core sand samples covering the full depth of the aquifers were retrieved 
at 40, 70, 100, and 130 cm from the inflow. Three core subsamples 
representing the saturated zone (SZ), capillary fringe (CF) and unsatu
rated zones (UZ) were obtained by cutting under sterile conditions each 
frozen sand core at depths of 25 and 50 cm, respectively. 

2.6. Analytical methods 

2.6.1. Hydrochemistry 
Oxygen (O2) concentrations were monitored in situ by O2 sensitive 

optode foils (PreSens GmbH, Regensburg, Germany) located at the inlet 
reservoirs and across the sand compartments (Fig. 1). Under transient 
conditions, O2 concentrations were monitored hourly during water table 
fluctuation events. Redox potential (Eh), pH and electrical conductivity 
were monitored prior to sampling events using laboratory probes 
(SCHOTT® Instruments). Major ions were measured by ion chroma
tography (Dionex ICS-5000, Thermo Scientific, USA). Fe2+ was 

measured by the BAP method (Tamura et al., 1974). Total organic car
bon (TOC), dissolved organic carbon (DOC) and dissolved inorganic 
carbon (DIC) were analyzed by a TOC analyzer (TOC-V-CPH Shimadzu, 
NF EN 1484). 

2.6.2. VOCs concentrations and DCM C-Cl CSIA analysis 
A detailed description of analytical methods is given in the SI (Sec

tions C and D). Briefly, DCM, cis-DCE and VC were quantified by 
analyzing 200 µL of headspace sample using a gas chromatograph (GC, 
Trace 1300, Thermo Fisher Scientific) coupled with a mass spectrometer 
(MS, ISQ™, Thermo Fisher Scientific), as described elsewhere (Hermon 
et al., 2018). 

Stable carbon isotope composition of DCM, cis-DCE and VC was 
determined by gas chromatography-combustion-isotope ratio mass 
spectrometry (GC-C-IRMS), with a gas chromatograph (Trace 1310) 
coupled via a GC/Conflow IV interface to an isotope ratio mass spec
trometer (Delta V plus, Thermo Fisher Scientific) (Hermon et al., 2018). 
In-house standards of DCM, cis-DCE and VC were prepared daily and 
analyzed prior to sample measurements. Reproducibility of triplicate 
measurements was ≤0.2‰ (1σ) within the linearity range (0.5-50 mg 
L− 1). Carbon isotope ratios were reported in δ notation as parts per 
thousand (‰) relative to the international reference material Vienna Pee 
Dee-Belemnite (V-PDB) (Coplen et al., 2006). 

Chlorine isotope composition of DCM was determined by GC-qMS 
based on the two most abundant fragment ion peaks [35Cl12C1H2]+

(m/z 49) and [37Cl12C1H2]+ (m/z 51), as suggested elsewhere (Heckel 
et al., 2017; Jin et al., 2011). The detailed GC-qMS setup is provided as 
SI (Section D). Chlorine isotope ratios were reported in δ notation in 
parts per thousand [‰] relative to the Standard Mean Ocean (SMOC) 
(Kaufmann et al., 1984). Chlorine isotope ratios were corrected by an 
external two-point calibration with pure DCM in-house standards 
(δ37Cl,DCM#1 = 3.68 ± 0.10‰ and δ37Cl,DCM#2 = –3.35 ± 0.12‰) 
characterized at Isotope Tracer Technologies Inc., Waterloo, Canada by 
IRMS after conversion to CH3Cl (Holt et al., 1997), and at the Depar
tament de Mineralogia, Petrologia I Geologia Aplicada, University of 
Barcelona using GC-qMS. Reported uncertainties include both accuracy 
and reproducibility based on long-term measurements and standard 
deviations. Typical reproducibility was 0.5‰ (1σ) within the tested 
linearity range (0.5-20 mg L− 1). Chlorine isotope compositions of native 
cis-DCE and VC were not analyzed. 

2.6.3. DNA extraction from pore water and sand samples 
Pore water samples were filtered through sterile 0.22 µm membrane 

filters (Swinnex holder, 13 mm, Millipore, Bedford, USA) and stored at 
–20◦C until DNA extraction, as described previously (Hermon et al., 
2018). Sand core subsamples were retrieved from both aquifers at the 
end of the experiments (day 88). Under sterile conditions, the bottom 
and top first 1 cm of the core samples were removed. Each core sub
sample was thoroughly mixed and a representative subsample of 1 g of 
sand was used for DNA extraction. For both pore water and core sam
ples, DNA was extracted using the DNeasy Power Water kit according to 
the manufacturer’s protocol (Qiagen, Hilden, Germany). Extracted DNA 
was quantified using Qubit fluorometric quantification with the Qubit 
dsDNA HS Assay kit (ThermoFischer Scientific, MA, USA) 

2.6.4. DNA sequencing 
The V4-V5 hypervariable region of the 16S rRNA gene was PCR 

amplified by an optimized and standardized amplicon library prepara
tion protocol (Metabiote®, GenoScreen, Lille, France), including posi
tive (mock community) and negative (blank) controls (Hermon et al., 
2018). Libraries were sequenced by paired-end Illumina MiSeq 2 × 250 
bases. Demultiplexing and trimming was followed by paired read as
sembly (minimum overlap 30 nt, minimum identity of 97%), resulting in 
a total of 3,614,309 sequences. Denoising, chimera checking, generation 
of operational taxonomic units (OTUs), taxonomic classification using 
Greengenes (v13.8 as reference), and alpha-diversity metrics were 
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performed using a custom-scripted bioinformatics pipeline of Gen
oScreen (Hermon et al., 2018). The percentage of 16S rRNA gene se
quences of taxa featuring known DCM-degrading strains (identity 
>97%) was determined. 

2.7. Data analysis 

2.7.1. Evaluation of isotopic data 
The average isotope value of the residual non-degraded fraction of 

DCM was derived according to the Rayleigh equation (Elsner, 2010): 

ln
(

Rt,E

R0,E

)

= ln
(

Ct,E

C0,E

)

⋅
εE

bulk

1000
(1)  

where Rt,E/Ro,E is the isotope ratio of element “E” (i.e., 13C/12C and 
37Cl/35Cl) and Ct,E/C0,E are the concentrations at a given time (t) and at 
the initial time (0). Carbon and chlorine isotopic composition were re
ported in delta notation (δhE) following δhE = [(Rsample/Rstandard) − 1] ×
1000 (Elsner, 2010). Apparent isotope fractionation values (εE

bulk, in ‰) 
were obtained by least squares linear regression without forcing the 
slope through the origin. The uncertainty corresponds to the 95% con
fidence interval (C.I.) and the error was determined using ordinary 
linear regression (Elsner et al., 2007). 

Changes of carbon versus chlorine isotope signatures were plotted to 
derive the ΛC/Cl value from the slope of the linear regression using the 
least-squares algorithm of the York method Höhener and Imfeld, 2021; 
Ojeda et al., 2020), and using the IsoplotR package in R (Vermeesch, 
2018).(Eqs. 2 

ΛC/Cl =
ln[(δ13Ct/1000 + 1)/(δ13C0/1000 + 1)]

ln[(δ37Clt/1000 + 1)/(δ37Cl0/1000 + 1)]
≈

εC
bulk

εCl
bulk

(2) 

DCM biodegradation was estimated based on changes in carbon and 
chlorine isotope ratios over time and across the flow path (i.e., at 
different observation points). The extent of DCM biodegradation (B, in 
%) was estimated using the Rayleigh model (Hunkeler et al., 2005; 
Thullner et al., 2012). A range of B was obtained from reported εC and 
εCl values for both aerobic and anaerobic bacterial DCM degradation 
(Torgonskaya et al., 2019, Chen et a., 2018; Lee et al., 2015). 

B (%) = 1 − f =

[
δhEt + 1000
δhE0 + 1000

]1000
εE

⋅100 (3)  

2.7.2. Bacterial community composition 
Sequencing data from pore water and sand samples were deposited 

to the ENA archive, BioProject accession number PRJEB43379. Multi
variate statistical analysis of relative OTU abundance was performed 
with R (R Core Team, 2019). Non-metric multidimensional scaling 
(NMDS) based on Bray-Curtis dissimilarities of log-transformed data was 
performed to visualize dissimilarities between bacterial taxa associated 
with DCM degradation (Hellal et al., 2021). 

3. Results and discussion 

3.1. Water table fluctuations affect hydrochemical conditions 

Hydrochemical variations are summarized in the SI (Sections E and 
F). Overall, saturated O2 concentrations (8.4 mg L− 1) were observed in 
the unsaturated zone (UZ) in both aquifers (z = 60 cm), while O2- 
depleted levels were established in the saturated zone (SZ; z = 0-33 cm; 
O2 <1.0 mg L− 1). The increase of redox potential over time (Eh ranged 
from –100 to +0 mV at days 0 and 35, respectively) was consistent with 
O2 dynamics in the fluctuation zone (z = 17-33 cm, SI Section F) (Pronk 
et al., 2020). Concentrations of O2 rapidly increased up to 1.5 mg L− 1 

during drainage periods (z = 25 cm, SI, Section E). During the first 
imbibition period, water moved in an upward direction, O2 concentra
tions decreased slightly but did not return to initial concentrations (1.3 

mg L− 1). From the second imbibition period until the end of the 
experiment, O2 levels slowly decreased indicating that the system pro
gressively returned to initial conditions (O2 <1 mg L− 1) (Haberer et al., 
2012). Re-oxygenation of groundwater below the water table was likely 
associated with entrapped air serving as a source of O2 to the underlying 
O2-depleted water (Williams and Oostrom, 2000). Redox potential and 
O2 varied upon water table fluctuation. Nevertheless, the high concen
tration of Fe2+ in both aquifers (up to 2.8 mg L− 1) suggested prevailing 
reducing conditions, in line with reducing conditions observed in situ for 
the groundwater used in this study (Hellal et al., 2021; Hermon et al., 
2018) (SI, Section F). No other reduced species were detected in both 
aquifers (<D.L.). 

Cis-DCE and VC, the two main chloroethenes in the groundwater 
source of this study (Hellal et al., 2021; Hermon et al., 2018), were also 
followed to further examine the established hydrochemical conditions in 
the laboratory aquifers. Only cis-DCE was detected at the inflow of both 
aquifers with average concentrations of 15 mg L− 1 and δ13CDCE values of 
− 23.5 ± 0.4‰ (SI, Section G). Up to 90% of cis-DCE dissipated at the 
outflows after 35 days. Values of δ13C for cis-DCE were smaller 
(Δδ13CDCE <2‰) at the outflows than δ13C values observed within the 
first 65 cm from inflow (Δδ13CDCE >10‰). Similarly, VC concentrations 
of up to 6 and 12 mg L− 1 were detected within the first 65 cm from 
inflow under steady-state and transient conditions, respectively, and 
average δ13CVC values of − 39.2 ± 0.8‰ (n= 20) were formed along the 
flow path (δ13CVC, standard = − 29.5 ± 0.2‰) (SI, Section G). Together 
with the detection of OHRB (see below), this suggests that reductive 
dechlorination occurred in both aquifers, in agreement with observa
tions at the groundwater source (Hellal et al., 2021, Hermon et al., 
2018). 

3.2. Water table fluctuations affect DCM mass dissipation and C and Cl 
isotope fractionation 

The absence of gas-phase DCM (gas-phase Q.L. = 0.13 µg L− 1, sam
pling volume: 2 cm3) in the UZ (z = 65 cm) and headspace (z = 80 cm) of 
both aquifers throughout the experiment, and inlet-outlet DCM mass 
balance indicated that volatilization did not contribute significantly 
(<10 %) to the overall DCM dissipation in both aquifers. Steep con
centration gradients are generally formed across the capillary fringe due 
to slow diffusion in water and small vertical dispersivity (Jeannottat and 
Hunkeler, 2013). Previous studies showed that mass transport of PCE 
and TCE from the SZ to the UZ (i.e., within the 15 cm above the water 
table) led to 90% smaller gas-phase concentrations with respect to the 
aqueous-phase concentrations at the water table under steady-state 
(Jeanottat and Hunkeler, 2013, McCarthy and Johnson, 1993). While 
variations of VOCs concentrations in the gas-phase increase in the UZ 
when the water table drops as a result of residual water being in contact 
with the gas, concentrations decrease again when the water table is 
raised, returning to concentration equilibrium (Jeannottat and Hunk
eler, 2013; McCarthy and Johnson, 1993). Hence, undetected gas-phase 
DCM concentrations in the UZ (z = 65 cm) and headspace (z = 80 cm) is 
likely due to (i) the low non-dimensional Henry’s coefficient of DCM of 
0.0549 at 18◦C (Gossett, 1987; non-dimensional Henry’s coefficient of 
PCE and TCE of 0.495 and 0.265, respectively), (ii) the continuous 
replenishment of the aqueous phase by horizontal groundwater flow, 
and (iii) measurements carried out under near-equilibrium conditions, 
before and after each water table fluctuation event. 

In the SZ, DCM concentrations decreased along the flow path in both 
aquifers. After 35 days, a more pronounced DCM mass dissipation in the 
aquifer outlets was observed under transient (95%) than under steady- 
state (42%) conditions (Fig. 2). δ13C and δ37Cl values of DCM in the 
inflow water remained constant throughout the experiments (− 46.3 ±
0.5‰ and − 3.5 ± 0.12‰, respectively). Under both transient and 
steady-state conditions, DCM became significantly enriched in both 13C 
and 37Cl (Fig. 2). C and Cl isotope data for DCM degradation showed a 
good fit to the Rayleigh model (eq. 1) under both hydraulic regimes (R2 
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> 0.92) (SI, Section H). Apparent C and Cl isotope fractionation values 
(εC

bulk and εCl
bulk) of − 23.6 ± 3.2‰ and − 8.7 ± 1.6‰, respectively, were 

larger under steady-state than under transient conditions (εC
bulk and εCl

bulk 
values of − 11.8 ± 2.0‰ and − 3.1 ± 0.6‰, respectively; SI, Section H). 
In previous reports, DCM volatilization was associated with low C and Cl 
fractionation (εC 

= +0.65‰ and εCl = − 0.48‰) compared to DCM 
biodegradation (Huang et al., 1999). Thus, the magnitude of εC

bulk and 
εCl

bulk values under both hydraulic regimes suggest that DCM biodegra
dation prevailed in the aquifers. 

The extent of DCM biodegradation (B) along the flow path was 
calculated based on reported εC values ranging from –71‰ to –15.5‰ 
and εCl values from –7‰ to –5.2‰ (Torgonskaya et al., 2019, Chen et al., 
2018, Lee et al., 2015). The range of εC and εCl values was defined based 
on the assumption that both aerobic and anaerobic DCM degradation 
pathways co-occur in both aquifers, which is supported by hydro
chemical variations and micro-oxic environments in the groundwater 
source (Hermon et al., 2018). Values of B under steady-state and tran
sient conditions ranged from 22% to 55%, and from 22% to 90%, 
respectively (Table 1), corresponding to the DCM mass dissipation 

observed under both hydraulic regimes. Time-dependent first-order 
biodegradation rate constants (λt) were calculated according to the 
Rayleigh model, as described in the SI of Hermon et al., 2018, with 
values of 3.4 × 10− 3 d− 1 and 5.7 × 10− 3 d− 1 under steady-state and 
transient conditions, respectively. Worthy of note, similar in situ λt were 
estimated at the groundwater source of this study (Hermon et al. 2018), 
thus demonstrating the established near-natural settings within the 
laboratory aquifers. 

3.3. DCM transformation pathways under transient and steady-state 
conditions 

Estimated ΛC/Cl values were lower under steady-state (1.92 ± 0.30, 
p<0.03) than under transient conditions (3.58 ± 0.42, p<0.01) (Fig. 3). 
This suggests distinct DCM C-Cl bond cleavage mechanisms under dy
namic hydrogeological conditions. The calculated ΛC/Cl values under 
transient conditions fall within the range of reported ΛC/Cl values during 
anaerobic DCM degradation (3.40-7.89) and are similar to ΛC/Cl values 
reported for Ca. Dichloromethanomonas elyunquensis (3.40 ± 0.03) 
(Chen et al., 2018), which suggests the prevalence of anaerobic DCM 
pathways. Most strikingly, the lower ΛC/Cl value determined under 
steady-state conditions (1.92 ± 0.30) has not been reported previously. 

Fig. 2. DCM concentrations under steady-state (red) and transient (blue) con
ditions (a, b), carbon isotope values (c, d) and chlorine isotope values (e, f) over 
distance from inflow. Symbols represent observations at depth z = 15 cm and at 
different times: day 0 (diamonds), day 13 (circles), day 20 (triangles) and day 
35 (squares). Error bars associated with DCM concentrations and stable isotope 
values represent standard errors (3≤n). 

Table 1 
DCM biodegradation (B [%]) under transient and steady-state conditions from days 0 to 35. A range of B [%] was estimated using the full range of εC and εCl values 
reported so far for both aerobic and anaerobic bacterial degradation of DCM. Reported values range from –27‰ (CBmin) to –15.5‰ (CBmax), and εCl value of –7‰ 
(ClBmin) to –5.2‰ (ClBmax) (Torgonskaya et al., 2019, Chen et al., 2018, Lee et al., 2015).  

Condition Days Δδ13C [‰] Δδ37Cl [‰] CBmin [%] CBmax [%] ClBmin [%] ClBmax [%] 

Transient 0 17.6 4.8 22 66 48 58 
13 31.8 9.2 36 85 73 83 
20 40.3 10.3 33 86 80 85 
35 49.2 7.0 48 91 66 75 

Steady-state 0 17.6 5.6 22 66 55 66 
13 11.7 5.9 16 54 34 43 
20 12.1 5.8 14 48 56 67 
35 11.6 6.3 15 51 57 66  

Fig. 3. Dual plot of Δ13δC versus Δ37δCl for the degradation of DCM under 
steady-state (red squares) and transient (blue diamonds) conditions. The 
continuous lines represent the linear regression to derive the ΛC/Cl values and 
dashed lines represent the 95% confidence interval (C.I.), according to the York 
method. Reported values for DCM degradation by Hyphomicrobium strain MC8b 
(Heraty et al., 1999), Dehalobacterium formicoaceticum and Ca. D. elyunquensis 
(Chen et al., 2018), and Dehalobacterium sp. (Blázquez-Pallí et al., 2019) were 
added for comparison. Black line represents 99% of DCM volatilization (Huang 
et al., 1999). 
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Still, this value likely also reflects anaerobic DCM degradation, given 
that so far higher ΛC/Cl values (8.1 to 11.2) are rather associated with 
aerobic DCM degradation pathways (Heraty et al., 1999; Torgonskaya 
et al., 2019) (SI, Section I). 

To date, anaerobic DCM degradation by bacteria affiliated with the 
Peptococcaceae family has been examined using C-Cl CSIA. Two distinct 
anaerobic degradation pathways were reported for DCM fermentation 
by Dehalobacterium formicoaceticum (ΛC/Cl = 7.89 ± 0.12) and DCM 
mineralization by Ca. Dichloromethanomonas elyunquensis (ΛC/Cl =

3.40 ± 0.03), and proposed to be associated with the Wood-Ljungdahl 
pathway (WLP) (Chen et al., 2018, 2020, Kleindienst et al., 2019). In 
addition, Blázquez-Pallí et al. (2019) reported a distinct ΛC/Cl value (5.9 
± 0.3) for anaerobic DCM degradation by a Dehalobacterium-containing 
culture, differing from that associated with Dehalobacterium for
micoaceticum (ΛC/Cl value = 7.89 ± 0.12), although the two strains 
belong to the same genus. Different characteristics of the bacterial cell 
envelope or enzyme locations may result in distinct C and Cl isotope 
fractionation (Trueba-Santiso et al., 2017). 

The differences in ΛC/Cl values under steady-state and transient 
conditions may thus reflect distinct C-Cl bond cleavage reactions and 
distinct anaerobic DCM degradation pathways. Further, our findings 
suggest that the prevalence of a given pathway depend on hydro
chemical and hydrogeological dynamics in aquifers. Nevertheless, both 
laboratory aquifers likely feature a variety of DCM-degrading microor
ganisms, with the possibility of simultaneous operations of several 
different aerobic and anaerobic degradation pathways (Van Breukelen, 
2007). In particular, the slight increase in O2 levels in the fluctuation 
zone under transient conditions may be indicative of micro-oxic envi
ronments (SI, Sections E and F). However, the ΛC/Cl values obtained in 
our aquifers rather suggest the dominance of different anaerobic DCM 
degradation pathways, which is further supported by the presence of 
taxa associated to anoxic conditions (see below). 

3.4. Water table fluctuations affect bacterial community composition and 
distribution of DCM-associated taxa 

In total, 3,649,087 high-quality sequences were obtained, from 
which 69% and 31% corresponded to pore water (n=56) and sand 
samples (n=24), respectively. Rarefaction curves of diversity indices 
reached asymptotes with increasing sequencing depth, indicating suffi
cient sequencing efforts to capture the biodiversity extent of bacterial 
communities in both pore water and sand samples (SI, Section J). 

Changes in bacterial diversity were analyzed using NMDS ordination 

of relative OTU abundance. Diversity in sand samples (day 88) varied 
mainly as a function of O2 gradients in the SZ and UZ (Fig. 4b). In 
contrast, differences in bacterial diversity in pore water samples (day 0- 
80) between inlet and outlet reservoirs suggested bacterial adaptation to 
DCM contamination along the flow path (Fig. 4a). Nevertheless, similar 
bacterial diversity under transient and steady-state conditions for both 
pore water and sand samples suggested that water table fluctuations did 
not play a major role in shaping the overall composition of bacterial 
communities (SI, Sections K and L). 

Dominant taxa in aquifers may be associated with pollutants 
degradation pathways. In both aquifers, Firmicutes was the most abun
dant phylum in sand samples with up to 60% of retrieved sequences at 
lower depths (z = 15 cm, SI, Section L). Previous studies have shown the 
presence of this phylum in aquifers highly contaminated with VOCs 
(Hellal et al., 2021; Wright et al., 2017). Moreover, Firmicutes bacteria 
are known to utilize DCM as a sole carbon source under anoxic condi
tions (Kleindienst et al., 2017). Hence, the occurrence of Firmicutes 
supports the prevalence of anaerobic DCM biodegradation in both 
aquifers. 

In pore water samples, the dominant OTU was associated with 
Desulfosporosinus under both steady-state and transient conditions 
(Fig. 5). Under steady-state conditions, Desulfosporosinus and Geobacter 
represented on average 25% and 12% of obtained sequences in the SZ, 
respectively, while Dehalobacterium and Dehalococcoides represented 
each approximately 10% (Fig. 5). Under transient conditions, in 
contrast, Desulfosporosinus increased from 25% to 58% relative abun
dance between days 0 and 13 in the SZ (z = 15 cm), corresponding to the 
first water table fluctuation event (Fig. 5). Geobacter was the second 
most abundant genus in the SZ representing up to 15% followed by 
Dehalobacterium (4%). 

Co-occurrence of Desulfosporosinus, Geobacter, Sulfurospirillum and 
Dehalococcoides was reported previously in aquifers contaminated with 
halogenated contaminants (Hellal et al., 2021; Wright et al., 2017). This 
parallel enrichment of different OTUs without demonstrated association 
with DCM degradation suggest interspecies interactions in our labora
tory aquifers. Such interactions could be indicative of concomitant 
degradation of DCM and other halogenated contaminants, as shown 
recently in investigations of other contaminated sites (Hellal et al., 2021; 
Trueba-Santiso et al., 2020; Blázquez-Pallí et al., 2019; Hermon et al., 
2018; Wright et al., 2017). Detection of bacterial genera associated with 
OHR such as Dehalococcoides further supports the concomitant degra
dation of DCM and cis-DCE in our laboratory aquifers. Furthermore, 
reductive dechlorination of chlorinated ethenes such as cis-DCE relies on 

Fig. 4. NMDS ordination plot of bacterial diversity profiles from (a) pore water and (b) sand samples. Full symbols: transient conditions, empty symbols: steady-state 
conditions. Numbers next to symbols represent sampling day at 0, 13, 20, 35 and 80 for pore water samples and at day 88 for sand samples. Plot stress: (a) 0.11% and 
(b) 0.06%. 
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H2 as electron donor (DiStefano et al., 1992). Recently, it was proposed 
that DCM mineralization by Ca. D. elyunquensis produces H2 and CO2 
(Chen et al., 2020), which may sustain reductive dechlorination in 
mixed contaminant plumes. Notably, for growth with DCM, Ca. D. 
elyunquensis requires the presence of H2-consuming partner pop
ulations performing H2/CO2 reductive acetogenesis, while Dehalo
bacterium formicoaceticum showed a strong dependence on CO2 (Chen 
et al., 2020). Concomitant degradation of DCM and chlorinated ethenes 
in contaminated aquifers may thus result from interspecies metabolic 
networks associated with dehalogenative metabolism. 

More generally, dynamic environmental conditions such as water 
table fluctuations can increase microbial metabolic activity (Pronk et al., 
2020). Thus, we hypothesized that in the present study, water table 
fluctuations promoted a larger enrichment of Desulfosporosinus 
compared to steady-state conditions (Fig. 5). Kleindienst et al., 2019 
reported that Ca. D. elyunquensis expressed similar WLP-associated 
enzymes as those of Dehalobacter and Desulfosporosinus spp. Hence, the 
similar C and Cl isotope fractionation determined here for DCM 
biodegradation under transient conditions (ΛC/Cl = 3.58 ± 0.42) and by 
Ca. Dichloromethanomonas elyunquensis (ΛC/Cl = 3.40 ± 0.03) (Chen 
et al., 2018) suggest that strains of the Desulfosporosinus genus may be 
DCM-degrading, in line with a previous report (Wright et al., 2017). 

In contrast, the higher abundance of Dehalobacterium under steady- 
state conditions, and similar C fractionation values to those of a Deha
lobacterium-containing culture (Blázquez-Pallí et al., 2019), suggest the 
occurrence of a fermentative DCM metabolism by as yet unknown 
Dehalobacterium strains (ΛC/Cl = 1.92 ± 0.30). Worthy of note, a recent 
study proposed Ca. Formimonas warabiya strain DCMF as a novel 
DCM-fermenting bacterium of the Peptococcaceae family, capable of 
metabolizing DCM to acetate via the WLP (Holland et al., 2021) (SI, 
Section I). Clearly, bacteria associated with the Peptococcaceae family 
may play an important role in DCM biodegradation at contaminated 
sites. 

4. Conclusions 

Our study examined the effect of dynamic environmental conditions 
such as water table fluctuations on (i) hydrochemical conditions, (ii) 
bacterial responses, and in turn, (iii) on DCM degradation pathways in 
multi-contaminated aquifers. Our integrative approach combining C-Cl 
CSIA and biomolecular analyses suggested the prevalence of two 
distinct, possibly co-occurring, anaerobic DCM degradation pathways 
under steady-state and transient conditions. Bacterial diversity and 

distribution of DCM-associated taxa was similar under both conditions. 
However, responses to water table fluctuations resulted in different 
bacterial community composition dominated by bacteria from the Pep
tococcaceae family, in particular Desulfosporosinus sp. We showed that 
environmental dynamics, which are often excluded from laboratory 
degradation experiments, can affect in situ DCM transformation. While 
current knowledge of anaerobic transformation pathways of DCM limits 
interpretation of DCM in situ biodegradation, fundamental research 
considering dynamics of environmental conditions are needed to 
improve bioremediation approaches at DCM contaminated sites in the 
future. 
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Proteogenomics reveals novel reductive dehalogenases and methyltransferases 
expressed during anaerobic dichloromethane metabolism. Appl. Environ. Microbiol. 
85 https://doi.org/10.1128/AEM.02768-18. 

Kleindienst, S., Higgins, S.A., Tsementzi, D., Chen, G., Konstantinidis, K.T., Mack, E.E., 
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